Chemical and microbial characterisations of particle-size fractions (PSFs) from a rice paddy soil subjected to long-term heavy metal pollution (P) and nonpolluted (NP) soil were performed to investigate whether the distribution of heavy metals (Cd, Cu, Pb and Zn) regulates microbial community activity, abundance and diversity at the microenvironment scale. The soils were physically fractionated into coarse sand, fine sand, silt and clay fractions. Long-term heavy metal pollution notably decreased soil basal respiration (a measurement of the total activity of the soil microbial community) and microbial biomass carbon (MBC) across the fractions by 3-45% and 21-53%, respectively. The coarse sand fraction was more affected by pollution than the clay fraction and displayed a significantly lower MBC content and respiration and dehydrogenase activity compared with the nonpolluted soils. The abundances and diversities of bacteria were less affected within the PSFs under pollution. However, significant decreases in the abundances and diversities of fungi were noted, which may have strongly contributed to the decrease in MBC. Sequencing of denaturing gradient gel electrophoresis bands revealed that the groups Acidobacteria, Ascomycota and Chytridiomycota were clearly inhibited under pollution. Our findings suggest that long-term heavy metal pollution decreased the microbial biomass, activity and diversity in PSFs, particularly in the large-size fractions.
Introduction
Heavy metal pollution is increasingly threatening to crop production in agricultural soils (Weber et al., 2001) . Paddy soils are considered to be unique anthropogenic soils in China and are responsible for one quarter of China's cereal production (Pan et al., 2003) . However, heavy metal pollution has been widely reported in the paddies of South China in recent years due to the rapid development of mining activities, the metallurgical industry, sewage irrigation and the application of pesticides and fertilisers (Tan et al., 2005; Liu et al., 2006) . The growth and function of microorganisms as well as the community composition and diversity in soil ecosystems can be severely affected by pollution (B a ath et al., 1998; P erez-de-Mora et al., 2006) . Although a number of studies have confirmed the negative influences of heavy metal pollution on soil microorganisms, few studies performed to date have fully integrated knowledge of the effects of long-term heavy metal pollution on the soil microbial abundance and community structure as well as total activity within microhabitats under field conditions. For example, changes in the microbial populations within particle-size fractions (PSFs) were assessed by Kandeler et al. (2000) , who detected the microbial community based on analysis of phospholipids fatty acids (PLFAs) together with denaturing gradient gel electrophoresis (DGGE) following the addition of heavy metals to the soils.
PSFs of soils obtained via low-energy sonication have shed light on the complex relationships between soil diversity and organic carbon dynamics (Stemmer et al., 1998) . The physical protection of soil organic carbon (SOC) in aggregates is considered a putative mechanism affecting SOC stability and turnover (Six et al., 2000; Paul et al., 2001) . Acting as microhabitats for soil microorganisms, different sizes of soil particles provide spatially heterogeneous living conditions with varying nutrient levels, oxygen concentrations and water regimes (Ladd et al., 1996) and could therefore potentially influence the activity of microorganisms and dynamics of SOC.
In topsoil ecosystems, bacteria and fungi generally constitute more than 90% of the total soil microbial biomass and are key regulators of soil organic matter dynamics and nutrient availability (Six et al., 2006) . Additionally, the production of mucilage by bacteria and fungi enhances the formation of aggregates (Oades, 1993; Six et al., 2004) . Moreover, soil bacteria and fungi have been reported to exhibit different responses to heavy metal pollution (Rajapaksha et al., 2004) , which could potentially lead to differences in the distribution and diversity of microbial communities within both bulk soils and PSFs. PSFs with higher SOC contents, particularly those containing more labile substrates, are usually accompanied by higher MBC accumulation and microbial diversity (Six et al., 2000; Roy & Singh, 1994) . Recently, knowledge regarding the microscale spatial distribution of soil microbial communities has improved our understanding of the underlying mechanisms affecting the stability of organic carbon (Grundmann, 2004) . Several studies have observed a higher biomass content and community diversity of bacteria in silt and clay fractions, whereas higher values of these parameters for fungi were mainly found in coarse sand fractions (Kandeler et al., 2000; Poll et al., 2003; Sessitsch et al., 2001) . Zhang et al. (2007) also reported that the highest bacterial diversity, but lowest microbial activity, occurred in the < 2-lm PSF under different long-term fertilisation treatments and noted out that the organic carbon detected in the smallest PSFs was more stable. Different distributions of organic carbon within aggregates could, in turn, drive microbial activity and functional diversity (Gude et al., 2012; Lagomarsino et al., 2012) . Based on the examination of new-generation pyrosequencing data coupled with midinfrared spectroscopy, Davinic et al. (2012) suggested that the relative abundances of soil bacteria within soil aggregate fractions were driven more by shifts in the chemical composition of SOC, rather than in its quantity. Studies involving the separation of PSFs provide great insight into the microniches of microorganisms. However, it remains unclear whether the composition and abundance of the microbial community within different PSFs exhibit consistent changes under environmental stress, particularly for long-term heavy metal pollution disturbances.
We hypothesise that long-term heavy metal pollution may affect the abundance, diversity and activity of the soil microbial community inconsistently due to the varying availability of SOC among different sizes of soil particles. PSFs from soils collected from polluted and nonpolluted rice paddies were obtained through a combination of low-energy sonication, wet sieving and repeated centrifugation. The total and bioavailable concentrations of heavy metals were measured, as were the SOC, microbial biomass and respiration. Microbiological analyses were performed to reveal the changes in bacterial and fungal community abundance and diversity via qPCR and DGGE, respectively.
Materials and methods

Site
The experiment was performed within a rice paddy field that has been contaminated with multiple heavy metals (mainly Pb, Cd, Zn and Cu) from a metallurgy plant since the 1970s, located in Yixing (31°24′N, 119°41′E), Jiangsu province, China. The area has been previously described by Liu et al. (2006) and Cui et al. (2011) . For comparison, an adjacent nonpolluted rice paddy under consistent rice cultivation and crop management practices was also selected to represent background conditions. The soils were classified as Hydragric Anthrosols (IUSS Working Group WRB, 2007) and typical Ferric-accumulic Stagnic Anthrosols based on the Chinese Soil Taxonomical System (Gong, 1999) . The local climate conditions are governed by a subtropical monsoon, showing a mean annual temperature of 15.7°C and annual precipitation of 1177 mm. The farm has been traditionally cultivated under a rice and winter wheat rotation, with crop residues being returned to the fields. The physicochemical properties of the topsoil measured in the polluted and nonpolluted soils were as follows: pH (H 2 O), 5.8 and 6.0; SOC, 23.3 and 24.0 g kg
À1
; total nitrogen, 2.4 and 2.6 g kg
; bulk density, 1.57 and 1.54 g cm
À3
; clay content, 399.9 and 311.6 g kg
À1
; and CEC, 22.7 and 23.63 cmol kg
, respectively.
Soil sampling and treatment
To minimise the influence of plants and tillage on soil aggregation and microbiological properties, bulk topsoil (0-20 cm) was collected from each site in March 2011. At the time of sampling, the plots were planted with winter wheat, and the topsoil moisture was c. 40%. Three composite topsoil samples from each site were randomly collected at a distance of c. 5 m from each other. Each composite sample comprised twelve soil cores (c. 5 cm in diameter) and was transferred to a sterile plastic bag, sealed and placed on ice to be transported to the laboratory. After removing plant residues and gravels, the samples were gently and thoroughly homogenised and divided into two portions. One portion was subjected to particle-size fraction separation and subsequent aerobic incubation as fresh material, and the second portion was further air-dried at room temperature and passed through a 0.25-mm sieve for chemical analysis.
Particle-size fraction separation Soil particle fractions of different sizes were obtained via low-energy sonication and a combination of wet sieving and centrifugation as described by Stemmer et al. (1998) and Sessitsch et al. (2001) , with minor modifications. Fresh soil was dispersed in distilled water to allow the PSFs to become saturated. The soil-water suspension was then dispersed via low-energy sonication (output energy of 170 J g À1 dry soil). The coarse sand fraction (2000-200 lm) was separated via wet sieving. The 200-20-lm fraction was subsequently obtained through siphonage and sedimentation and was considered the fine sand fraction. The remainder of the sample was centrifuged to collect the 20-2-lm fraction (silt), and the supernatant was centrifuged again to collect the < 2-lm fraction (clay). The bulk soil and PSFs (triplicates) were freeze-dried and stored at À70°C prior to nucleic acid extraction. The particle-size distributions for the examined soils are shown in Table 1 .
Analysis of the soil properties and metal contents
Analyses of the basic properties and metal contents of the samples were performed following the protocols described by Lu (2000) . Briefly, the soil pH was determined at a soil-to-water ratio of 1 : 2.5 using a precision pH meter (Mettler Toledo Seveneasy, Switzerland). The SOC and total nitrogen contents were determined via wet digestion through K 2 Cr 2 O 7 oxidation and the Kjeldahl method, respectively. The topsoil bulk density was measured for each site using 100-cm 3 cylinders. The gravimetric moisture content was measured by drying a portion of a finely ground soil sample at 105°C for 24 h to a constant weight. The total heavy metal content was determined by digesting the samples with a mixed solution of HF/HClO 4 /HNO 3 (10/2.5/2.5, v/v/v), and the bioavailable pool of heavy metals (the metal fractions in chemical forms that can be taken up by different soil organisms and by plants) (Mench et al., 2000) was extracted with a 0.01 M CaCl 2 solution, using a soil/solution ratio of 1/5 (m/m). The Cd content was determined based on graphite furnace atomic absorption spectrometry (SpectrAA 220Z, Varian), while the levels of Pb, Cu and Zn were measured with a flame atomic adsorption spectrophotometer (TAS-986, Persee, China). The Nemerow pollution index (Nemerow, 1991) was used to further evaluate the degree of overall heavy metal pollution. Using the Standards of Soil Environmental Quality (GB15618-1995) as soil quality assessment criteria, the Nemerow pollution index was calculated according to the equation described by Liu et al. (2012) . The total contents of heavy metals and the basic physicochemical properties of the bulk soil and PSFs are listed in Tables 2  and 3 , respectively.
Analysis of soil microbial biomass C and enzyme activity
The MBC contents in the bulk soils and PSFs were measured using a fumigation-extraction method, according to the protocol described by Vance et al. (1987) . The MBC contents were determined with a Multi N/C 2100 analyser (Analytik Jena, Germany), using an extraction efficiency coefficient of 0.45 (the portion of MBC extracted in a K 2 SO 4 solution during this procedure) to convert the measured C to MBC. Dehydrogenase activity (Dehy) was determined based on the reduction in triphenyltetrazolium chloride to triphenylformazan following the protocol described by Serra-Wittling et al. (1995) .
Soil basal respiration
Soil basal respiration was determined according to the protocol described by Zheng et al. (2007) , with minor modifications. Briefly, a 20-g (fresh weight) sample was moistened to 60% of its water-holding capacity and incubated under aerobic conditions at 25°C in the dark for 7.5 day in a 125-mL jar. A 0.25-mL gas sample was collected from the head space of the jar using a gas-tight syringe at 0.5, 1, 1.5, 2, 3, 4, 5.5 and 7.5 day after incubation was initiated. The CO 2 concentration was analysed with a gas chromatography (Agilent 4890D) equipped with a flame ionisation detector. The basal respiration rate was expressed on a dry soil basis. The metabolic quotient (the respiration per unit biomass) was used as an indicator of the C utilisation efficiency in the soil.
DNA extraction and real-time PCR
Soil DNA was extracted using the PowerSoilâ DNA isolation kit (Mo Bio Laboratories Inc., CA) according to the manufacturer's protocol in a MoBio vortex adapter tube holder. Real-time PCR was performed in an iCycler iQ 5 thermocycler (Bio-Rad) via fluorometric monitoring with SYBR Green 1 dye. The primer pair 338F/518R (Fierer et al., 2005) was used to quantify bacterial 16S rRNA genes, while the primer pair NS1-F/FungR (May et al., 2001 ) was used to quantify fungal 18S rRNA genes. The DNA extracts were diluted 10-fold and used as a template, with a final content of c.1-10 ng in each reaction mixture. The reactions were performed in a 25 lL volume containing 10 ng of DNA, 0.2 mg mL À1 BSA, 0.2 lM each primer and 12.5 lL of SYBR premix EX Taq (Takara Shuzo, Shiga, Japan). A melting curve analysis was conducted following each assay to confirm specific amplification. A standard curve was constructed using plasmids from cloned rRNA genes separately for bacterial and fungal genes, according to the protocol described by Liu et al. (2012) . Briefly, the amplified PCR products were purified and ligated into the pEASY-T3 cloning vector (Promega, Madison, WI) and cloned into Escherichia coli DH5a. The 
plasmid DNA in the positive clones was isolated using a plasmid extraction kit (Takara, Japan). The number of copies of the standards was calculated from the concentration of the extracted plasmid DNA. A 10-fold dilution series of the plasmid DNA was produced to generate a standard curve covering seven orders of magnitude, from 10 2 to 10 8 copies of the template. Real-time PCR was conducted in triplicate, and amplification efficiencies of 99.1-103.2% were obtained, with R 2 values of 0.993-0.997. The final copy numbers of the bacterial 16S rRNA genes and fungal 18S rRNA genes were obtained by calibrating the total DNA concentration and soil water content. The relative ratio of fungi/bacteria was calculated as the ratio of the fungal gene copy numbers to bacterial gene copy numbers (Fierer et al., 2005) .
PCR-DGGE assay
The bacterial and fungal community structures were determined via DGGE following a previously described protocol (Liu et al., 2012) . Briefly, PCR amplification was performed with the community-specific primer pairs F968/R1401 (Heuer et al., 1997) and NS1-F/FungR (May et al., 2001) for the bacterial and fungal communities, respectively, but with a GC clamp (Muyzer et al., 1993) attached to the 5′ end of each reverse primer. The PCR amplification was performed in an Eppendorf gradient cycler (Eppendorf, Hamburg, Germany) using a 25-lL reaction mixture containing 1 lL of a 10 lM solution of each primer, 1 lL of DNA template and 12.5 lL of Go Taqâ Green Master Mix (Promega). DGGE was performed using the DCode universal mutation detection system (Bio-Rad Laboratories) according to the instruction manual. The obtained PCR products were separated in 8% (w/v) polyacrylamide [acrylamide-bisacrylamide (37.5 : 1)] gels with denaturing gradients of 40-60% for bacteria and 20-40% for fungi (with a 100% denaturant containing 7 M urea and 40% formamide). The gels were subjected to silver staining prior to UV transillumination with the Gel Doc-2000 Image Analysis System (Bio-Rad). The band intensity in each lane was digitised using Quantity One image analysis software (version 4.6.2, Bio-Rad). The Shannon diversity index, (H′), was also calculated based on the relative intensity of each DGGE band according to the formula described by Hedrick et al. (2000) .
Sequencing and phylogenetic analysis
Some important bands corresponding to bacterial 16S rRNA gene and 18S rRNA genes were detected in the DGGE gels and numbered on the basis of their specific positions or their relative intensity between the polluted and nonpolluted soils across different PSFs and bulk soils. The specific bands were carefully excised from the DGGE gels, and the gel slices were crushed and resuspended overnight at 4°C in 25 lL of sterile water to elute the DNA. A 2-lL aliquot of eluted DNA was re-amplified and cloned into E. coli as described above in the real-time PCR assay section. White clones were selected and subjected to DGGE again to confirm their identity. Finally, the clones showing the same mobilities as the bands excised from the DGGE gels were sequenced. After sequencing, we found that the bands showing the same mobilities in the DGGE gels exhibited the same nucleotide sequences. Therefore, we used one sequence of each numbered band for phylogenetic analysis. The sequences were checked for chimeras using Bellerophon (Huber et al., 2004) , and the putative chimeras were excluded from further analysis. The closest relatives of each sequence were checked via BLAST (Basic Local Alignment Search Tool) searches within GenBank [National Center for Biotechnology Information NCBI)]. The sequences of the DGGE bands have been deposited in GenBank under accession numbers KC412070-KC412089 (bacterial 16S rRNA genes) and KC412090-KC412098 (fungal 18S rRNA genes).
Data analysis
The presentation and treatment of the data were processed with Microsoft Excel 2003, and the results were expressed as the means plus or minus one standard deviation from three replicates. The statistical procedures were conducted with the software package SPSS 16.0 for Windows. An independent samples t-test was used to check the differences between the polluted and nonpolluted samples. Principal component analysis (PCA) of the DGGE profiles was conducted using Minitab 15 software to elucidate microbial community structures based on relative band intensity and positions.
Results
Distribution of heavy metals in the topsoil layers of the bulk soils and PSFs
Physical fractionation procedures according to particle size yielded high recovery rates for heavy metals (71.8-111.7%, Table 2 ). While the total Cu and Zn contents were c. 2 times higher in the polluted PSFs than in the nonpolluted bulk soils and PSFs, the total Pb and Cd contents were c. 11 and 46 times higher in the polluted PSFs than in the nonpolluted soils, respectively. Different PSFs (coarse sand, fine sand, silt and clay) were characterised by consistent differences among the four detected heavy metals in terms of their total contents, with the highest content being observed in the coarse sand fraction, followed by the clay, silt and fine sand fractions. As shown by the values of the Nemerow pollution index for the polluted soil, the degree to which the PSFs were polluted with heavy metals fell in the order coarse sand > clay > silt > fine sand. Similar to the total heavy metal distribution, the average bioavailable Pb, Cd, Cu and Zn contents in the polluted PSFs were c. 13, 72, 2 and 6 times higher than those in the nonpolluted soils, respectively. Nevertheless, the contents of bioavailable metals varied little between the PSFs. SOC, total N, C/N and DNA yields in the bulk soils and PSFs
As listed in Table 3 , there were generally few differences in soil properties detected between the polluted and the nonpolluted bulk soils and PSFs, with the exception of total N and C/N. The highest contents of SOC and total N (TN) and highest DNA yields in the nonpolluted soils were detected in the coarse sand fraction, followed by the clay, silt and fine sand fractions. In contrast, the C/N ratio markedly decreased with decreasing particle size. The soils subjected to heavy metal pollution showed a similar trend, but displayed a significant decrease in TN within the coarse sand and clay fractions as well as an increase in the C/N ratio across all fractions. The coarse sand fraction from the polluted soils exhibited the highest degree of pollution (Nemerow index) , along with the highest SOC, TN and DNA yields.
Soil MBC, respiration and enzyme activity
As shown in Table 4 , similar to the tendency of SOC in the PSFs, MBC and soil basal respiration were shown to be highest in the coarse sand fraction and lowest in the clay fraction, indicating that although both the coarse sand and clay fractions exhibited higher SOC, they presented different biochemical characteristics. The PSFs subjected to heavy metal pollution showed decreases in MBC contents and basal respiration of 21-53% and 3-45%, respectively, resulting in generally higher metabolic quotients compared with the nonpolluted PSFs, suggesting a severe impact of pollution on the mineralisation of SOC and microbial activity. A consistently lower dehydrogenase activity across the polluted PSFs confirmed that there was low biological activity in the polluted soils.
Abundance of bacterial and fungal genes in the PSFs
The largest bacterial population size in the nonpolluted soil was detected in the coarse sand fraction, followed by the clay, silt and fine sand fractions in a significantly decreasing order (Fig. 1a) . Few differences were observed between the polluted and nonpolluted soil fractions, indicating that heavy metal pollution had less of an effect on bacterial abundance. Regarding fungal abundance, the population size decreased with particle size in both the polluted and nonpolluted soils (Fig. 1b) . In particular, the fungal copy numbers in the clay fraction were decreased by 61% compared with the coarse sand fraction in the nonpolluted soils. Overall, the fungal 18S rRNA gene copy numbers detected in the polluted soils were lower than those in the nonpolluted soils, with the exception of the fine sand fraction. The relative fungal/bacterial ratio was clearly decreased due to the diminished fungal population size. Heavy metal pollution resulted in a much lower fungal/bacterial ratio in the bulk soils and silt and clay fractions than was observed in the nonpolluted soils (Fig. 1c) . Compared with the bacterial population Heavy metal pollution decreases microbial diversity in PSFs size, the fungal population size was more sensitive to heavy metal pollution stress.
Pearson's correlations
The correlation coefficients between soil heavy metals and chemical and biochemical properties are shown in Table 5 . No correlations were observed between soil heavy metals and SOC or TN, whereas positive correlations were found between heavy metals and C/N. In general, both total and bioavailable heavy metals were negatively correlated with MBC, MBC/SOC, basal respiration and dehydrogenase activity, which indicated that pollution had a significant impact on the biochemical characteristics of the soil. No significant correlations were noted between heavy metals and bacterial abundance, but significantly negative correlations were found between bacterial abundance/fungal abundance (F/B) and total Cu, and bioavailable Pb and Zn.
Bacterial community analysis DGGE analyses of 16S rRNA gene sequences revealed shifts in the bacterial community structure in the bulk soils and PSFs under pollution compared with the nonpolluted soils (Fig. 2) . The analysis of three replicates for each treatment showed good reproducibility of the DGGE banding patterns. The numbered bands in the DGGE gels were excised for sequencing. Bands B11, B13-B17, B19 and B20, which were dominant in all of the fractions and bulk soils, exhibited similar intensities across all of the treatments, regardless of pollution, indicating that all of the fractions exhibited a similar predominant bacterial community. However, the bulk soils and coarse sand (c) Fig. 1 . Abundance of total bacteria (a), total fungi (b) and the relative fungal/bacterial ratio (c) based on qPCR analysis across bulk soils and PSFs from nonpolluted (NP, white bar) and polluted (P, shaded bar) soils. The asterisks over the error bars indicate a significant difference between nonpolluted and polluted PSFs at the same particle size based on a t-test at P < 0.05 (n = 3; error bars are + SD).
fraction exhibited more diverse banding patterns, with the additional bands B4, B6, B9, B12 and B18 being observed compared with the other fractions, suggesting a distinct, higher bacterial diversity, which was reflected in the higher Shannon's diversity index H′ (Fig. 3) . The intensities of bands B5, B6 and B8 decreased with decreasing particle size, which indicated that some bacterial species preferred the macroscale habitats. Heavy metal pollution had less of an impact on the bacterial community structure than the particle size. The intensities of bands B1-B4 were clearly decreased under pollution. In contrast, bands B7 and B10 were unique and were enhanced by pollution. Nevertheless, the H′ diversity index for the silt and clay fractions derived from the DGGE profiles was significantly lower than in the corresponding nonpolluted soils (Fig. 3) . The PCA of the bacterial DGGE profiles from the bulk soils and PSFs yielded a good separation between the different PSFs as well as the polluted and nonpolluted samples, although the first two components explained only 47.8% of the total variability (Fig. 4a) . The bacterial community structures in the bulk soils and coarse sand fraction formed a cluster that was separate from the other fractions in PCA-1 regardless of pollution. Moreover, although PCA-2 explained only 13.5% of the total variability, all the fractions subjected to pollution were well separated from those of the nonpolluted soils in PCA-2.
Fungal community analysis DGGE analyses of 18S rRNA gene sequences revealed more changes in the fungal community than in the bacterial community (Fig. 5) . Bands F2-F8 were dominant in the soils; however, among these bands, only bands F4-F6 were unchanged across the PSFs, indicating that the distribution of the fungal community was strongly influenced by size fractionation. Bands F1 and F9 were unique to the larger fractions or bulk soils. Heavy metal pollution seemed to have a much stronger impact on the fungal community structure, resulting in less diverse banding patterns, with lower intensities or a lack of bands F2, F3 and F8 observed under pollution. The H′ diversity index of the fungal community was much lower than that of the bacterial community (Fig. 3) . In addition, the H′ indexes of the PSFs decreased with a decreasing particle size and were notably lower than in the bulk soils, which may implicate a disturbance or destruction of fungal hyphae during the separation procedure. Heavy metal pollution markedly reduced the fungal diversity index across the PSFs, as reflected in the decreasing number of bands observed in the DGGE patterns. Significantly negative correlations were found between all of the heavy Heavy metal pollution decreases microbial diversity in PSFs metals and the fungal H′ diversity index (Table 5 ). The PCA of the fungal DGGE profiles also showed strong separation of community structures between the polluted and nonpolluted soils, which further supported the results regarding decreased fungal community diversity under pollution (Fig. 4b) . Meanwhile, the community structures obtained for the coarse sand fraction were greatly separated from those of the other PSFs, which indicated that the separation of PSFs may have an impact on the fungal community structure. (a) (b) Fig. 3 . The H′ community diversity index derived from the DGGE profiles of amplified bacterial 16S rRNA genes (a) and fungal 18S rRNA genes (b) from bulk soils and PSFs from polluted (P) and nonpolluted soils (NP). The asterisks over the error bars indicate a significant difference between the polluted and nonpolluted soils at the same particle size based on a t-test at P < 0.05 (n = 3; error bars are + SD).
Phylogenetic affiliations
To examine the differences in the microbial community compositions in the PSFs in greater detail, specific bands were excised and sequenced from the DGGE gels. Phylogenetic assignment was performed via BLAST searches of the NCBI database, and the results are listed in Table 6 (for bacterial community 16S rRNA genes) and Table 7 (a) (b) Fig. 4 . PCA of the amplified 16S rRNA gene fragments from the bacterial community (a) and 18S rRNA gene fragments from the fungal community (b) in bulk soils and PSFs from polluted (P) and nonpolluted soils (NP). (for fungal community 18S rRNA genes). The sequencing results showed that the bacterial community (bands B1-B3, B11, B13-B17, B19 and B20) in the studied soils was dominated by Acidobacteria, Betaproteobacteria, Gammaproteobacteria and Chloroflexi. The additional bands B4, B6, B9, B12 and B18 found in the coarse sand fraction mostly belonged to Acidobacteria, which suggested that the Acidobacteria might survive well in the macrohabitats. Bands B5, B6 and B8, which decreased with decreasing particle size, were affiliated to Acidobacteria and Gammaproteobacteria. The bands inhibited by pollution were assigned to Chlamydiae (band B1) and Acidobacteria (bands B2-B4), while bands B7 and B10, which was enhanced in the coarse and fine sand fractions, belonged to Chlamydiae and TM7. Ascomycota and Basidiomycota were dominant in the fungal community (bands F2, F3, F5 and F6). Band F7 (Glomeromycota), which was also predominant in the majority of the fractions, nearly disappeared in the clay fraction. Heavy metal pollution had a strong effect on bands F2, F3 and F8, which belonged to Ascomycota and Chytridiomycota. The unique thin bands, F1 and F9, found in the bulk and coarse sand fractions were affiliated to Ichthyosporea and unclassified groups. The results suggested that fungi with hyphae larger than 2 lm may not be present in the clay fraction, and heavy metal pollution has a strong impact on the fungal community.
Discussion SOC, MBC and soil respiration in PSFs under heavy metal pollution
A number of studies have shown that agricultural land management practices, such as crop planting, tillage and the irrigation state of the field, could affect the formation (Kandeler & Murer, 1993; Six et al., 2000; Jiang et al., 2011; Gude et al., 2012) . Such practices are also important drivers of microbial community dynamics and soil chemical processes. However, based on the objectives of this study, we chose to focus only on the effect of particle size under heavy metal pollution in field conditions. Because it is difficult to find two or more representative field plots under a similar state of longterm contamination, we finally selected two field plots under consistent crop cultivation and management practices as research sites, one of which had been polluted for c. 40 years, while the other was nonpolluted. Soil composite sampling was performed before the plots were ploughed and flooded for rice transplantation to minimise the influence of tillage. We acknowledge that although composite sampling likely underestimates the variability between the plots, it can also reduce heterogeneity that may exist in the field, and this methodology is commonly adopted and well accepted, particularly in ecological investigations of, for example, soil, water and sediment samples (Pennanen et al., 1996; Sekiguchi et al., 2002; Chiu et al., 2006; Farkas et al., 2007; Liu et al., 2012) . Despite the limitations of the applied sampling design, the findings of the present study shed light on the impacts of variations in heavy metal pollution concerning decreasing microbial activity and diversity between PSFs.
Heavy metals, and particularly their bioavailable concentrations, can potentially affect soil quality-related parameters such as enzyme activities or related processes.
Although decreases in MBC and in the culturable microbial population size from homogenised bulk soil samples under long-term heavy metal pollution are well documented in the literature (V asquez-Murrieta et al., 2006; Li et al., 2009; Liu et al., 2012) , the information regarding microbial populations at the microenvironment scale under pollution is scant. Separation of soil particles provides insight into the association between the distribution of organic C, heavy metals and microbial biomass and activity at a relatively small scale. In the present study, the total heavy metal contents were found to be markedly higher in both polluted bulk soils and PSFs than in the background soils. However, the contents of bioavailable heavy metals showed few differences between the PSFs, which may indicate an equal toxicity to microorganisms in these fractions. Nevertheless, heavy metal pollution resulted in a significantly lower MBC contents and soil respiration across the PSFs, regardless of the SOC quantity they contained. Significantly negative correlations between total and bioavailable heavy metals and the respiration, MBC contents and dehydrogenase activity were also observed, which indicated the effects of heavy metal pollution on the biological characteristics across the PSFs. Our results were in agreement with the findings of Li et al. (2009) , who observed decreases in microbial biomass, enzymes and function under long-term acid metal stress.
At the microenvironment scale, coarse sand fractions are characterised by high concentrations of labile C and N originating predominately from plant residues, whereas Heavy metal pollution decreases microbial diversity in PSFs silt and clay fractions are usually characterised by high concentrations of relatively stable organic C and N (Elliott, 1986; Six et al., 2000) . Moreover, high SOC contents are usually found in clay and silt fractions, whereas low contents are observed in the sand fractions of most soils, such as in Calcaric Phaeozems (Kandeler et al., 2000) , Calcic Chernozems and Cambisols (Stemmer et al., 1998) and Humic Dystrudepts (Chiu et al., 2006) . In the present study, however, we detected the highest SOC concentrations in the coarse sand fractions, followed by the clay fractions, which generally agrees with our previous findings in rice paddy soils Zheng et al., 2007) . Indeed, a similarly higher SOC content in the coarse sand fraction was also noted under rape/rice rotation in a Hydragric Anthrosol in which crop residues were returned to the soil (Jiang et al., 2011) . It has been demonstrated that the organic C (fresh or labile) derived from crop residues is first incorporated into the coarse sand fraction during the initial decomposition period and subsequently accumulates and becomes stable in silt or clay soils (Angers et al., 1997; Six et al., 2000) . Consequently, it is possible that higher fresh SOC contents could first accumulate in the coarse sand fractions, particularly in soils receiving large amounts of crop residues. In the present study, according to the observed SOC content and PSFs distribution (%) in the coarse sand fraction, we detected a large contribution of coarse sand to the SOC content of the bulk soil. Another reason for the higher SOC content observed in the coarse sand than in the clay fraction may be the high contribution of finer minerals (i.e. particulate organic matter) and clay to the coarse sand fraction during the formation of macroaggregates, as microaggregates are formed within macroaggregates (Six et al., 2000) . The variations in microbial biomass and activity observed between particles of different sizes under heavy metal pollution could likely be derived from differences in their available SOC content. The higher bioavailable SOC content in the coarse sand fraction could lead to increases in MBC because the bioavailable SOC derived from fresh residue is an important C source for microbial activity (Six et al., 2000) . Singh & Singh (1995) reported that MBC contents were higher in the coarse sand fraction than in the clay fraction across forest, savannah and crop soils. However, the coarse sand fractions subjected to heavy metal pollution showed greater decreases in MBC and soil basal respiration than the clay fractions (Table 4) , which could be attributed to the significant reduction in both bacterial and fungal gene copy numbers in the former fractions. This type of response also suggested a persistent toxicity or stress effect on soil microbial activity associated with long-term field conditions. The sharply decreased dehydrogenase activity observed in the coarse and fine sand fractions under pollution further supported the inhibitory effect of heavy metals on microbial activity or regarding low SOC availability. Dehydrogenase is an intracellular enzyme that participates in oxidative phosphorylation in microorganisms. This enzyme has often been correlated with the availability of organic carbon in soils (Serra-Wittling et al., 1995) and is assumed to be linked to microbial respiratory processes (Insam, 2001) . Thus, it is likely that the toxicity of metals has a much greater impact on soil respiration and MBC in the coarse sand fraction than in the clay fraction. In contrast, the smaller decrease in respiration observed in the clay fraction under pollution compared with nonpolluted conditions in the present study could be attributed to the lower bioavailability of organic C in this fraction. Previous studies have confirmed that the clay fraction contains higher contents of carbon compounds (e.g. polyethylene and lipids) that are recalcitrant to decomposition by microorganisms and are generally more stable (Spaccini et al., 2001; Chen & Chiu, 2003) . The clay fraction from rice paddies has also been found to show higher contents of humus and humic acid than the other fractions (Ding et al., 2006) . In a recent study, Davinic et al. (2012) further revealed that although the silt and clay fractions exhibit a high SOC content, it consists of older and more stable forms of C. The much lower dehydrogenase activity observed in the clay fraction therefore revealed a lower availability of C and microbial activity. Alternatively, microorganisms might be more resistant to environmental stress due to the accessibility of substrates and protective agents in the clay fraction (Sessitsch et al., 2001) . We further found a significantly higher metabolic quotient across the PSFs under heavy metal pollution, which has frequently been reported in studies in response to heavy metal contamination (Brookes, 1995) . Positive correlations were observed between the total Pb and Cu contents and the metabolic quotient, which indicated less efficient C utilisation or higher maintenance energy requirements under adverse conditions (Giller et al., 1998) . In fact, the differences in respiration observed in response to heavy metal stress may indicate that there were shifts in microbial community diversity within the PSFs.
Bacterial and fungal abundance in the PSFs under heavy metal pollution
To determine the differences in microbial abundance that contributed to the decreased microbial biomass observed under pollution, a real-time PCR assay targeting the bacterial 16S rRNA genes and fungal 18S rRNA genes was applied. Compared with the nonpolluted soils, a lower bacterial abundance was only found in the coarse sand fraction, which indicated that heavy metal pollution had few effects on the bacterial populations within the PSFs. Fresh residues or relatively labile constituents that are abundant in the coarse sand fraction could be beneficial for the bacterial population (Denef et al., 2001) . Moreover, the smaller pore size and high resistance to desiccation and protection against predation found in the clay fraction could be beneficial for bacterial inhabitation (Rutherford & Juma, 1992) . Most groups of soil bacteria could survive well, and a few could even be promoted under pollution, as observed in the bacterial DGGE profiles, suggesting tolerance of the bacterial community to heavy metals. An unchanged bacterial abundance was also observed by Liu et al. (2012) , who reported no differences in bacterial abundance at two sites among four rice paddies subjected to long-term heavy metal pollution.
Previous studies have demonstrated that fungi prefer to feed on decomposable SOC and predominantly colonise labile and light fractions (Frey et al., 2003; Simpson et al., 2004) . Fungal hyphae are also considered to improve aggregate stability by binding particles with extracellular polysaccharides and enmeshing microaggregates to form macroaggregates (Haynes & Beare, 1997; Bronick & Lal, 2005) . Thus, it is not surprising that fungal abundance was found to be highest in the coarse sand fraction and lowest in the clay fraction in the present study. A heterogeneous tolerance of microorganisms to heavy metals has been found between short-term laboratory studies and long-term field experiments, and this tolerance also varies between sites (Giller et al., 2009) . As reviewed by Giller et al. (2009) , there is a range of sensitivity to heavy metals among various types of microorganisms, and a threshold for sensitivity likely exists. In the present study, a significantly lower fungi abundance was observed across the PSFs under pollution compared with that of bacteria, with the exception of the fine sand fraction, suggesting that heavy metal pollution had more long-term effects on the fungal community. However, a few studies have found contrasting results, and positive effects of heavy metal addition on the fungal community have even been observed in short-term laboratory experiments (Frosteg ard et al., 1993; Rajapaksha et al., 2004) . One explanation for these divergent results could be that compared with fungi, bacteria can likely be well adapted to chronic toxicity or stress in long-term-contaminated soils due to their wide substrate utilisation profile and high metabolic activity. Additionally, bacteria dominate in rice paddies and may compete with fungi for substrates, resulting in greater stress on the fungal community. The reduced fungal community diversity shown by the DGGE profiles in the present study further substantiated the effects of heavy metals on the fungi under long-term heavy metal stress. Decreases in the levels of fungal PLFAs and a lower tolerance of the fungal community to heavy metal pollution along two different gradients in Scandinavian coniferous forest soils were previously described by Pennanen et al. (1996) , who attributed these changes to decreases in the numbers of ectomycorrhizal fungi under pollution. In addition, Liu et al. (2012) also reported a reduction in the culturable fungal population as well as fungal PLFAs and gene copy numbers in four rice paddies under long-term heavy metal pollution compared with background soils. Decreases in fungal population PLFAs were also observed by Kandeler et al. (2000) , who found that fungal PLFAs contents were reduced in the coarse and fine sand fractions following the addition of heavy metals (Zn, Cu and Cd) to a Calcaric Phaeozems under field conditions after 10 years of exposure. In this study, a significantly negative correlation was observed between extractable Zn and the fungal abundance (Table 5) , which may indicate that bioavailable Zn might have an effect on the fungal population. Our results, derived from c. 40 years of heavy metal pollution, further supported the notion that the microbial responses produced under long-term field conditions (chronic toxicity or stress) differed from those in short-term laboratory assays (acute toxicity or disturbance) (Giller et al., 2009) .
As bacteria and fungi are two principal groups in rice paddy soils, a decrease in fungal abundance could contribute to the lower MBC contents observed under pollution compared with nonpolluted areas. Archaea may be as abundant as fungi in terms of their rRNA genes. However, due to the low contribution of this group to basal respiration under aerobic incubation, the archaeal community was not addressed in the present study. In addition, a significantly positive correlation between fungal abundance and basal respiration (r = 0.513, P < 0.01) was noted across the PSFs, which indicated that the lower fungal abundance detected under pollution could be responsible for the lower soil respiration compared with nonpolluted conditions, as C respired from fungi constituted a higher proportion of total CO 2 (Six et al., 2006) .
Bacterial and fungal community structures in PSFs under heavy metal pollution
In the literature, coarse sand fractions are reported to exhibit lower bacterial species richness and diversity (Kandeler et al., 2000; Poll et al., 2003; Sessitsch et al., 2001) or higher diversity (Marhan et al., 2007) or few differences (Jackson & Weeks, 2008) regarding the bacterial composition in PSFs. In the present study, a greater number of specific DGGE bands and a higher H′ diversity index (Fig. 3) were observed in the coarse sand fraction than in the others fractions, regardless of the existence of heavy metal pollution. One possible explanation for this finding is that the coarse sand fractions most likely provide multiple microhabitats and more labile SOC for bacterial groups. Alternatively, microaggregates may be formed within macroaggregates and then released upon breakdown of the macroaggregates (Six et al., 2000) . The bacterial community could be driven more by shifts in the chemical composition than in the quantity of soil organic matter, as reported by Davinic et al. (2012) , who found higher levels of diversity in macroaggregates than in the microaggregates via pyrosequencing. The majority of the band types observed in the present study (B1-B3, B11 and B13-B17), particularly the dominant bands, were shared by all of the fractions, indicating that the bacterial community structure was highly stable. Sequencing of these bands revealed that Acidobacteria, Betaproteobacteria, Gammaproteobacteria and Chloroflexi were the predominant groups (Table 6) , and these genera are commonly found in rice paddies, as reported in previous studies by our group (Hussain et al., 2011; Chen et al., 2013) . These findings indicate that these bacteria are widely distributed and survive well across all fractions and may play an important role in the turnover and stability of SOC. The cultured representatives of Chloroflexi, such as the Anaerolineae lineage, are a group of bacteria consisting of filamentous, slow-growing, anaerobic heterotrophs that decompose carbohydrates and amino acids (Yamada & Sekiguchi, 2009) and are found at high abundance in anoxic soils. These species are assumed to potentially act as degraders of relatively recalcitrant carbon compounds such as phenol (Fang et al., 2006) and 4-methylbenzoate (Wu et al., 2001) , which may further contribute to their dominance in the silt and clay fractions, where there are lower labile SOC and oxygen concentrations. The additional bands (B4, B6, B9, B12 and B18) that were relatively enhanced in the coarse sand fraction were assigned to Acidobacteria and TM7, in agreement with the findings of Mummey & Stahl (2004) , who observed that Acidobacteria predominated in macroaggregates and the outer fractions of microaggregates. Although a predominance of Acidobacteria has been associated with low-C soils (Fierer et al., 2007) and is assumed to be of ecological importance in rice paddies (Kielak et al., 2008) , our understanding of their function is still limited due to the scarcity of cultivated species. Several species (i.e. B1-B4, belonging to Chlamydiae and Acidobacteria) were clearly inhibited under heavy metal pollution, whereas other species (B7 and B10, belonging to Chlamydiae and TM7) were enhanced, resulting in an unchanged bacterial diversity. This last result is in accord with the findings of Zhou et al. (2002) , who reported that chromium contamination in high-organic-matter soils did not greatly reduce diversity due to the heterogeneity of microorganisms both spatially and in terms of carbon resources.
Contrary to the variation in bacterial diversity observed under pollution, the fungal community structure exhibited a different DGGE pattern, with a decreased diversity index being observed across the PSFs compared with the nonpolluted soils. The smaller number of fungal DGGE bands and decreased diversity provided more evidence of decreased fungal abundance under pollution. PCA of fungal 18S rRNA gene DGGE profiles revealed clear separation of the polluted PSFs compared with the nonpolluted fractions. Additionally, the significantly negative correlations detected between all of the heavy metals and the H′ fungal diversity index further supported the inhibitory effect of heavy metals on the fungal community, which is primarily responsible for the decomposition of organic matter in the coarse and fine sand fractions (Marhan et al., 2007) . Ascomycota and Basidiomycota are important fungal groups in most soils (Carlile et al., 2001) . Hussain et al. (2011) also reported that Ascomycota dominated the fungal community in the rhizosphere of rice plants. In the present study, Ascomycota and Basidiomycota were found to be predominant across all of the fractions, which suggested a ubiquity of these species and an important role in agroecosystems. Caesar-Tonthat (2002) noted that polysaccharides produced by Basidiomycetes are involved in soil aggregation and suggested that fungal-derived material plays an important role in the stability of the soil structure. Glomeromycota, which are known to form hyphae and improve aggregate stability, were ubiquitous among the fractions, although present in very small numbers in the clay fractions. Additionally, although the method described by Stemmer et al. (1998) is widely adopted for the separation of PSFs, it may not be completely appropriate for determination of the microbial community, especially for fungi. The combination of low-energy sonication, wet sieving and repeated centrifugation procedures might have caused the destruction of community assemblages and even cell structure. It may also not be completely suitable for the efficient collection of fungi, which exhibit a diameter of 3-8 lm (Killham, 1994) , associated with particle sizes below 2 lm. Furthermore, despite its importance in studies of microbial ecology, the PCR-DGGE technique has some drawbacks that must be taken into account. A single DGGE band, despite being obtained after careful consideration, might not represent a single phylotype or species. Thus, new methods and techniques are required to better explore the relationships between changes in soil organic dynamics and the microbiological status.
Conclusions
This study made progress towards providing insight into the distribution and activity of the microbial community in the soil matrix under long-term heavy metal pollution. Our results suggest that a high heavy metals content decreases microbial biomass and activity via inhibiting microbial community diversity, particularly that of fungal groups (i.e. Ascomycota and Chytridiomycota) in the large-size fractions, which mainly depends on heterogeneous SOC availability across the PSFs. Due to the limitations of PSF separation procedures and the DGGE technique, further monitoring using new fingerprinting methods (i.e. pyrosequencing) might be necessary to evaluate the changes in the soil microbial population and its relationships with SOC dynamics. Furthermore, caution should be taken in interpreting our results, as the experimental design was not optimal for making statistical inferences.
